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Abstract
Extreme climatic events can trigger sudden but often long-lasting impacts in ecosystems by causing near to
complete mortality of foundation (habitat-forming) species. The magnitude and frequency of such events are
expected to rise due to anthropogenic climate change, but the impacts that such events have on many foundation species and the ecosystems that they support remains poorly understood. In many cases, manipulative
experimentation is extremely challenging and rarely feasible at a large scale. In late 2015 to early 2016, an
extensive area of mangrove forest along  1000 km of coastline in the Gulf of Carpentaria, Australia, experienced severe dieback, an event associated with climatic extremes. To assess the effect this dieback event had on
the mangrove ecosystem, we assessed benthic faunal assemblages and food web structure using stable carbon
and nitrogen isotopes in a comparative experiment of impacted forest and adjacent unimpacted forest. Eighteen
months after the dieback, the forest that suffered dieback contained signiﬁcantly fewer crabs that rely on mangrove litter food source but more crabs that rely on microphytobenthos food source than the unimpacted forest.
However, the infaunal biomass was largely unaffected by the mortality effect. This is most likely because microphytobenthos was largely unaffected and consequently, this buffered the food web responses. However, overall,
the habitat value for mangrove ecosystem services most likely decreased due to lower physical habitat complexity following tree mortality. Longer-term monitoring could lead to better understanding of biological effects of
this extreme event and underlying biological mechanisms that drive changes and recovery.
Extreme climatic events, including droughts, ﬂoods, and
heatwaves, have a major role in structuring ecological communities via reduction or elimination of foundation species
(e.g., canopy-forming plants, reef-building corals) (Silliman
et al. 2005; Thomson et al. 2015; Wernberg et al. 2016; StuartSmith et al. 2018). The occurrence of these events is anticipated to rise due to climate change (Coumou and Rahmstorf
2012; Stott 2016). However, biological effects of such extreme
events remain poorly understood and case studies are limited
(Harris et al. 2018). During 2015–2016, extreme climatic conditions including high temperatures, dry conditions, and El
Niño–Southern Oscillation-induced low sea level triggered a
severe unprecedented mass mortality of mangroves along
1000 km of coastline in tropical Australia (Duke et al. 2017;

Lovelock et al. 2017), the largest known mangrove dieback
event from natural causes (Sippo et al. 2018). This coincided
with the heat-stressed mass bleaching event of the Australian
Great Barrier Reef (Hughes et al. 2017). How the extreme
climate-driven loss of mangroves that provide the foundation for habitats and support core ecological processes, can
change ecosystem structure remains unclear. It is expected
that mangrove tree losses will lead to changes in biological
communities due to changes in primary production and
associated shifts in nutrients cycling, and to disturbances
from physical modiﬁcations of habitat structure provided by
the mangrove foundation species (Kristensen 2008; Lee
et al. 2014; Alongi 2015).
Understanding of individual extreme weather events in
human-induced climate change has advanced in the recent
decades (Coumou and Rahmstorf 2012; Stott 2016); however,
a similar understanding of extreme biological events is limited
(Parmesan et al. 2013; Ummenhofer and Meehl 2017; Harris
et al. 2018). Climate-driven environmental stresses as well as

*Correspondence: yota.harada@grifﬁthuni.edu.au
Additional Supporting Information may be found in the online version of
this article.

1

Harada et al.

Mass dieback drives mangrove ecosystem shift

due to mangrove mortality; and (2) food web structure would
be noticeably different between unimpacted and impacted forests as a result of changes in assemblages and on food sources.

extreme events such as droughts and heatwaves can change
benthic communities of estuarine habitats (Dolbeth et al.
2007; Pillay and Perissinotto 2008, 2009; MacKay et al. 2010;
Pollack et al. 2011; Veríssimo et al. 2013; Verdelhos et al.
2014). In some cases, investigations of such biological
responses to climate-driven environmental stresses and
detecting underlying biological mechanisms that drive such
responses involve long-term monitoring (Dolbeth et al. 2007;
Pollack et al. 2011). The initiation of monitoring after an
extreme biological event is therefore essential to interpret
these extreme biological events and to anticipate such events
in the future (Altwegg et al. 2017). In most cases, “before and
after” monitoring is not achievable; however, experimental
studies with spatial and temporal controls, for example, comparisons with areas that did not experience the extreme event
might produce biological data that can help to identify the
mechanisms driving a response. This might also establish
casual relationships, possibly detecting other important, nonclimatic drivers (Veríssimo et al. 2013; Verdelhos et al. 2014;
Bailey and van de Pol 2016; Altwegg et al. 2017).
Stable isotope tracer data that provide biogeochemical source
and process information over time help ecosystem analyses,
because as elements circulate in the biosphere, stable isotopic
compositions can change in predictable ways (Peterson and Fry
1987). Stable isotopes have been widely used in investigations of
C and N cycling in mangrove ecosystems (Adame et al. 2018) and
mangrove food webs (Fry and Smith 2002; Bouillon et al. 2008).
Mangrove faunal communities including infauna that live
within the sediment and epifauna that live at the sediment–water
interface or on solid substrata generally constitute much of the
benthic food web and perform important functions in coastal
habitats (Bouillon et al. 2002; Demopoulos et al. 2007). For example, they serve as food for animals at higher trophic levels and
stimulate detrital decomposition (Sheaves and Molony 2000; Lee
2008). Disturbances such as losses of mangrove trees can change
organic matter inputs and degradation of sediment organic matter (Atwood et al. 2017; Adame et al. 2018) and consequently
change overall sediment conditions with consequences to benthic faunal assemblages (Sweetman et al. 2010; Bernardino et al.
2018). However, detailed knowledge of such trophic interactions
in mangrove ecosystems is lacking. Therefore, to assess the effects
of climate-driven loss of mangroves on mangrove food webs, a
careful evaluation of food web structure, including food resource
utilization, is needed. In such isotope investigations, it is typically assumed that consumer isotope values resemble those
of food resources, with a trophic shift of +0 to 1‰ for δ13C and
+2 to 3‰ for δ15N (Vander Zanden and Rasmussen 2001;
McCutchan et al. 2003).
The study aims to identify changes in ecosystem structure
following this climate-driven mangrove dieback. We combined ﬁeld survey and stable isotope data at impacted mangrove forest and adjacent unimpacted forest (Fig. 1a,b). We
hypothesized that (1) changes in benthic faunal assemblages
between unimpacted and impacted forests would be evident

Materials and methods
2015–2016 mangrove dieback in the Gulf of Carpentaria,
Australia
In late 2015 to early 2016, large areas of mangrove vegetation along 1000 km of coastline in the Gulf of Carpentaria
experienced severe dieback (Duke et al. 2017; Sippo et al.
2018). This led to the complete to near death of mangrove
trees. There were coincidental mangrove mortality events that
occurred in Exmouth, Western Australia (Lovelock et al. 2017)
and Kakadu National Park, Northern Territory (Asbridge et al.
2019). At the time, this region in the Gulf of Carpentaria had
not experienced any other signiﬁcant coincidental disturbances, for example, cyclones and pollution, and was most
likely a pristine mangrove forest (Duke et al. 2017). Mangroves
in the Gulf region experience harsh environmental conditions
such as seasonal aridity, high variability in air and sea surface
temperatures, and salinity. Due to these conditions, the extent
of mangroves is limited in the Gulf region (Asbridge et al.
2016; Duke et al. 2017). The climate in this region is wet-dry
tropical with highly seasonal rainfall driven by the Australian
monsoon. This tropical arid region experiences drought annually for 6–8 months with the majority of rainfall occurring
between December and March, and receives mean annual precipitation ranging from approximately 600–900 mm (Bureau
of Meteorology, see www.bom.gov.au). The cause of the Gulf
mangrove dieback is most likely due to a weak monsoon
(i.e., drier summer-wet season in 2015–2016) combined with
unusual climate/weather events at the time including high air
and surface seawater temperatures, and El Niño–Southern
Oscillation induced low sea-level. These factors most likely
resulted in hypersalinization of mangrove sediments and caused adequate hydric, thermal, and radiant stresses (Duke et al.
2017; Lovelock et al. 2017). The details of causality are documented by Duke et al. (2017) (see their ﬁg. 12 for the meteorological data showing key climatic drivers) and Harris et al.
(2018) (see their Supplementary Material, S1.52).
Experimental design
The main study aim was to assess the effect of climate-driven
mangrove tree mortality on mangrove ecosystem structure with
particular focus on benthic faunal assemblages and food web
structure. Controlled experimentation as well as “before and
after” comparisons were not easily achievable. For these reasons,
we undertook a comparative experiment of an impacted forest
vs. an unimpacted forest. This comparative study was carried out
at Karumba in the Gulf of Carpentaria, Queensland, Australia
(Fig. 1c). A major ﬁeld campaign was conducted in August 2017
in the winter dry-season, 18 months after the dieback event.
A forest that had suffered dieback, as well as an adjoining
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Fig. 1. Comparative experiment of unimpacted (a) and impacted (b) mangrove forests. (c) Study location at Karumba in the Gulf of Carpentaria,
Queensland, Australia (−17.435572S, 140.844766E). An aerial image/map shows the mangrove vegetation loss and the extent of mangrove loss along
the coastline. There are three sampling areas within the unimpacted forest and three within the impacted forest (shown as white circles). Two sites within
each area were independently sampled.
observation lasted 10–15 min to ensure that burrowing crabs
recover from the initial disturbance (a modiﬁed method from
Nobbs and McGuinness 1999; Skov and Hartnoll 2001; Skov
et al. 2002). Although every care was taken to avoid doublecounting individuals, this visual estimation method may have
overestimated epifaunal densities by over counting individuals
and/or underestimated the densities by under counting those
that remained belowground, for example, burrowing crabs and
very small individuals that are difﬁcult to observe (Skov et al.
2002). Ten species were identiﬁed and sorted into ﬁve groups
based their feeding modes, namely, algae-feeder (crab) = Tubuca
signata, Uca ﬂammula (Kon et al. 2010; Tue et al. 2012), detritivore
(crab) = Paracleistostoma wardi (Jones and Clayton 1983), grazer
(gastropod) = Telescopium telescopium, Terebralia sulcata (Pape et al.
2008), leaf-feeder (crab) = Parasesarma moluccensis, Episesarma
sp. (Harada and Lee 2016; Kristensen et al. 2017), omnivore
(crab) = Metopograpsus frontalis (Poon et al. 2010). Populations
(ind. m−2) of the ﬁve benthic epifaunal groups were estimated for
each forest.
Pneumatophores, crab holes, and leaves on the forest ﬂoor
were quantiﬁed using smaller quadrats (size 50 × 50 cm,
n = 15–25 per site). In total, n = 161 for the unimpacted forest and

unimpacted forest, provides the settings for a comparative experiment (Fig. 1a,b). Avicennia marina was the dominant mangrove
species. In this experiment, three areas (2–2.5 km apart) within
the unimpacted forest and three within the impacted forest were
surveyed (Fig. 1c). At each area, two independent sites (> 50 m
apart) were sampled, one site about 20 m from the forest edge
(seaward) and one about 70 m from the forest edge (seaward) to
cover the general variability across the intertidal zone and ensure
that the physical-oceanographic conditions between the two forests were as similar as possible.
Field survey and sampling
The ﬁeld surveys were carried out during low tide when the
forest ground was exposed. At each sampling site, we conducted
sampling using quadrats of sizes 4 m2 (n = 3) and 1 m2 (n = 3),
to quantify the populations of common benthic epifauna
(ind. m−2). The location of quadrats was randomly chosen at each
sampling site and at least 3 m away from each other. In total,
n = 36 quadrats (6 quadrats × 6 sampling sites) were obtained for
each forest. We combined data from 4 and 1 m2 quadrats because
the smaller quadrat underestimated low abundant species. Individuals were counted visually throughout the quadrats, and each
3
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below. Senescent yellow leaves were picked from mangroves
(A. marina). Leaves samples were washed thoroughly, rinsed
with distilled water, and the main vein was removed. Three
leaves from the same sampling area were composited for each
isotope measurement.
MPB was extracted from the top 0.5 cm soil samples by
density gradient centrifugation in colloidal silica (Hamilton
et al. 2005; Bui and Lee 2014). The soil was suspended in distilled water and then ﬁltered through a 63 μm sieve to remove
larger particles. The ﬁltrate was centrifuged at 4400 rpm for
5 min, and the supernatant was discarded. Pellets were
resuspended with 40 mL of 30% Ludox colloidal silica (Sigma)
and centrifuged again at 4400 rpm for 5 min. The top layer
containing algal cells (mostly diatom and ﬁlamentous cyanobacteria), conﬁrmed by microscopic examination, was collected and centrifuged again with distilled water to remove
silica. The MPB samples were dried and collected in tin capsules for analysis.
For fauna stable isotope analysis, muscle tissues were used.
Several individuals (2–10) of the same species from the same
sampling area were pooled to efﬁciently obtain the mean isotope values (Fry 2006). Each sediment sample of < 0.5 cm surface sediment (n = 6 per forest) and 0.5–20 cm deep sediment
(n = 6 per forest) as described above were mixed, dried, and
homogenized before stable isotope analysis. For sediment δ13C
measurements, samples were acidiﬁed with 1 mol L−1 HCl to
remove inorganic fraction. All samples were dried at 60 C,
powdered, homogenized, and collected in tin capsules for stable isotope analysis. Stable isotope analyses of δ13C and δ15N
were carried out on an elemental analyzer (Europa EA-GSL,
Sercon) coupled to an isotope ratio mass spectrometer (Hydra
20-22, Sercon) at Grifﬁth University, Brisbane, Australia.
Vienna PeeDee Belemnite (VPDB) and atmospheric air (AIR)
were used as standards for C and N, respectively. Stable isotope values are reported in δ-notation (‰), that is, δ13C or
δ15N = (Rsample/Rstandard − 1) × 1000, where R is, respectively,
13
C/12C or 15N/14N. The elemental compositions, that is, %C
and %N, of samples were also provided.

n = 173 for the impacted were obtained to estimate densities
(ind. m−2) of pneumatophores, crab holes, and leaves for each
forest. In this process, photographs were taken, and counts were
made later in the laboratory. To quantify biomass of benthic
infauna, sediment core samples (n = 3) were collected independently (> 10 m apart) at each site using a soil corer (15 cm in
diameter and 20 cm in depth) following the method modiﬁed
from Alfaro (2006). The sediment core samples were immediately
wet-sieved using a 0.5 mm sieve onsite. For each sample, the residue retained on the sieve was transferred into sealed plastic containers and preserved in 70% ethanol. The preserved animals
mainly consisting of burrowing crabs and some clams and worms
in the ethanol solution were separated under a binocular microscope and later weighted (wet g) in a laboratory. In total, n = 18
cores (n = 3 × 6 sampling sites) were obtained from each forest to
estimate infaunal biomass (g m−2) of each forest. One additional
sediment core sample (5 cm in diameter and 20 cm in depth) was
collected at each site (total n = 6 each forest) for analyzing total
carbon (TC), total organic carbon (TOC), total nitrogen (TN), stable isotope values (δ13C and δ15N), and particle sizes. Particle sizes
were analyzed using a particle size analyzer (Malvern Mastersizer
Hydro). At each sampling site, pH and salinity were measured
from a water sample obtained by digging bores to the depth of
water table (total n = 6 each forest). The top 0.5 cm surface sediment (200 mL) was also collected at each site (total n = 6 each forest) for TC, TOC, TN, δ13C, and δ15N measurements. One
hundred ﬁfty milliliters of each 0.5 cm surface sediment sample
was used to extract microphytobenthos (MPB) as described
below. Extracted MPB samples were also analyzed for δ13C and
δ15N values. The chlorophyll a (Chl a) content of the surface sediment samples was also measured to assess the abundance of
MPB. Chl a was extracted using 90% aqueous acetone in darkness
for 24 h. Chl a concentration was measured following the spectrophotometric method (Parsons 2013). In this process, three
measurements were made for each sample and the mean of three
measurements was determined for each sample for data analysis.
Five grams of sediment was used for each measurement.
Stable isotope analysis
To compare stable carbon and nitrogen isotopic compositions of primary producers including mangrove (A. marina)
and MPB as well as invertebrate consumers from the abovementioned ﬁve feeding groups between unimpacted and
impacted forests, samples were gathered from each forest.
Each forest consists of three sampling areas (2–2.5 km apart)
as shown in Fig. 3c. At each sampling area, samples were collected between 20 and 70 m from the forest edge (seaward).
Samples were collected by hand and were frozen immediately
after the collection. All stable isotope samples were stored separately in sealed plastic containers at −20 C until analysis. In
total, 15 mangrove leaves, 6 MPB samples, and > 141 individual invertebrates from the unimpacted forest and 12 mangrove
leaves, 6 MPB samples, and > 102 individual invertebrates for
the impacted forest were collected and analyzed as described

Data analysis
All statistical analyses were undertaken in R version 3.4.3
with RStudio interface version 1.1.414. Differences among
group means were tested with ANOVA. Before performing
ANOVA, the assumptions of homogeneity of variance and
normality were checked using Levene’s and Shapiro–Wilk’s
test, respectively. When the ANOVA assumptions were violated, the data were log-transformed and ensured that the
assumptions were met before performing the ANOVAs. For
the sediment TC, TOC, TN, δ13C, and δ15N data, when the
ANOVA test was signiﬁcant, a post hoc Turkey test was performed to check which speciﬁc groups differed (< 0.5 cm surface sediment and 0.5–20 cm deep sediment). A generalized
linear model (GLM) with Poisson distribution was performed
for count data. Permutational Multivariate Analysis of
4
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grazers (gastropod), did not differ signiﬁcantly (Table 1).
Epifaunal species composition (%) for each forest (Fig. 2a)
indicates that the impacted forest is dominated by the
algae-feeding crabs. PERMANOVA indicated that the two forests differed in the assemblages of ﬁve epifaunal feeding
groups (df = 1, r2 = 0.29, F = 27.22, p = 0.001), but the data dispersions did not differ signiﬁcantly (df = 1, F = 1.95, p = 0.15;
Supporting Information Fig. S1). There was also no signiﬁcant
difference in the total infaunal biomass, that is, mostly
burrowing crabs (Fig. 2b and Table 1). Consistent with this,
the densities of crab burrows (burrows m−2) did not differ signiﬁcantly between the impacted (mean = 64.3, SE = 2.0) and
the unimpacted forest (mean = 65.2, SE = 2.3) (Table 1). In
terms of trophic resource availabilities, leaf litter abundance
(leaves m−2) signiﬁcantly differed, with fewer leaves on the
ground in the impacted (mean = 3.8, SE = 1.3) than the
unimpacted forest (mean = 76.1, SE = 11.7) (Table 1).
The leaves in the impacted forest probably arrived as subsidies
from adjacent healthy areas, or minor patches of regrowth.
Microphytobenthos (MPB) density estimated by soil chlorophyll content (μg g−1) did not differ signiﬁcantly between the

Variance (PERMANOVA) was performed to compare epifaunal
compositions (i.e., abundance of the ﬁve feeding groups,
ind. m−2) between the two forests and to test whether the
compositions between the two forests differ in spread or position in a multivariate space. In this analysis, square-root transformation was applied to minimize inﬂuence of the most
abundant groups, then the Bray-Curtis index was used as the
distance metric. Permutation test of multivariate homogeneity
of dispersions was performed to check whether dispersions
around the centroids are similar between the two forests. All
statistical tests used a signiﬁcance criterion of 0.05.

Results
Population densities (ind. m−2) of the ﬁve epifaunal feeding
groups across unimpacted and impacted forests are shown in
Table 1. The forest that suffered dieback contained fewer leaffeeding crabs but more algae-feeding crabs than the
unimpacted forest (mean, SE, and GLM statistics provided in
Table 1). However, populations of other dominant faunal
groups, including omnivores (crab), detritivores (crab), and

Table 1. Summary of values (mean, SE) of ecological components from each forest.
Forest
Unimpacted

Impacted

Mean (SE)

n

Mean (SE)

n

ANOVA/GLM
df, F, p

Algae-feeder (crab) (ind. m−2)

3.5 (0.7)

36

10.9 (1.2)

36

1, −1.1, < 0.001

Detritivore (crab) (ind. m−2)

0.9 (0.2)

36

0.7 (0.4)

36

1, 0.28, 0.30

Grazer (gastropod) (ind. m−2)
Leaf-feeder (crab) (ind. m−2)

0.8 (0.1)
1.6 (0.2)

36
36

0.8 (0.2)
0.2 (0.04)

36
36

1, −0.08, 0.78
1, 2.2, < 0.001
1, 0.47, 0.11

Omnivore (crab) (ind. m−2)
Crab burrows (burrows m−2)
Pneumatophore (pneumatophores m−2)

0.8 (0.1)

36

0.5 (0.1)

36

65.2 (2.3)
184.5 (8.1)

161
161

64.3 (2.0)
4.4 (0.6)

173
173

Leaf litter (leaves m−2)

76.1 (11.7)

161

3.8 (1.3)

173

Infaunal biomass (wet g m−2)
Surface < 0.5 cm sediment TC (%)

63.3 (21.8)
2.37 (0.44)

18
6

87.7 (43.7)
2.18 (0.16)

18
6

1, −0.014, 0.272
1, −3.74, < 0.001
1, 2.91, < 0.001
1, 0.03, 0.86
1, 0.01, 0.92

Surface < 0.5 cm sediment TOC (%)

2.15 (0.61)

6

1.37 (0.29)

6

1, 1.34, 0.28

Surface < 0.5 cm sediment TN (%)
0.5–20 cm sediment TC (%)

0.15 (0.03)
2.10 (0.20)

6
6

0.11 (0.02)
2.51 (0.45)

6
6

1, 1.43, 0.26
1, 0.52, 0.49

0.5–20 cm sediment TOC (%)

1.72 (0.27)

6

1.56 (0.29)

6

1, 0.27, 0.61

0.5–20 cm sediment TN (%)
Soil Chl a (μg soil g−1)

0.12 (0.01)
6.7 (1.1)

6
6

0.08 (0.01)
8.4 (0.9)

6
6

1, 7.80, 0.02
1, 2.07, 0.18
1, 4.27, 0.07

Mean particle size (μm)

17.3 (5.4)

6

26.8 (3.3)

6

% Clay (<2 μm)
% Silt (2–50 μm)

13.7 (1.5)
60.5 (3.4)

6
6

10.4 (0.4)
57.8 (1.8)

6
6

% Sand (50–2000 μm)

25.8 (4.6)

6

31.8 (2.2)

6

Salinity
pH

58.6 (6.9)
6.9 (0.1)

6
6

56.8 (4.5)
6.9 (0.1)

6
6

1, 0.05, 0.83
1, 0.01, 0.94

0.18 (0.03)

3

0.18 (0.04)

3

1, 0.04, 0.99

Tree density (tree m−2)
−2

—
—
—

Tree density (tree m ) is taken from Jeffrey et al. (2019) (their table 1). The value reported here is an average of three intertidal zones (upper, middle,
and lower).
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Compared to this, the impacted forest had a relatively higher
range of 3.7–11.2‰. δ13C and δ15N measurements of the individual consumer samples were shown in Supporting Information Fig. S2. The individual epifaunal species and the feeding
groups showed substantial differences in the δ13C and δ15N values
between the two forests, except for ﬁlter-feeders (bivalve) more
reliant on water column resources (Table 2 and Fig. 4). The patterns of isotope difference between the two forests were fairly consistent across all the faunal groups, also mirroring those of the
surface sediment and MPB (Fig. 4).

impacted (mean = 8.4, SE = 0.9) and the unimpacted
(mean = 6.7, SE = 1.1) forests (Table 1). However, forest ﬂoor
habitat structure differed between the two forests, with signiﬁcantly fewer pneumatophores in the impacted (mean = 4.4,
SE = 0.6 pneumatophores m−2) than the unimpacted
(mean = 184.5, SE = 8.1) forests (Table 1).
TC, TOC, and TN measurements (%) of the two types of
sediment (i.e., surface < 0.5 cm and 0.5–20 cm deep) across
two forests are provided in Table 1 with the mean values and
ANOVA statistics. For the surface sediment samples, TC, TOC,
and TN (%) measurements did not signiﬁcantly differ between
the two forests. For the 0.5–20 cm deep sediment, TC and TOC
(%) did not differ between the forests, but TN (%) differed,
being signiﬁcantly lower in the impacted forest. δ13C and δ15N
values of sediment samples are provided in Table 2 and shown
in Fig. 3a,b with their C and N elemental compositions (TOC
% and TN%) (Fig. 3c,d). While the δ13C and δ15N values in the
0.5–20 cm deep sediment samples did not differ signiﬁcantly
between the two forests, the δ13C and δ15N values for the surface sediment samples were signiﬁcantly higher in the
impacted forest (Table 2). The surface sediment δ13C and δ15N
values in the impacted forest were signiﬁcantly higher than all
the other groups including those for the 0.5–20 cm deep samples from both forests (post hoc Turkey test, p < 0.05) (Fig. 3a,
b). Overall, sediment δ13C values ranged from −26.3 to
−23.8‰ for the unimpacted forest and −25.3 to −21.2‰ for
the impacted forest. Sediment δ15N values ranged from 0.9 to
2.8‰ for the unimpacted forest and 1.3 to 3.7‰ for the
impacted forest. Mean particle size (μm) of 0.5–20 cm deep
sediment did not differ between the two forests with silt
(2–50 μm) being the main component (Table 1). Salinity and
pH did not differ between the two forests (Table 1).
δ13C and δ15N values of primary producers, including mangrove leaves of A. marina and MPB as well as epifaunal consumers
from different feeding groups, are reported in Table 2 with the
mean, SE values, and ANOVA statistics and shown in Fig. 4. Mangrove leaf δ13C and δ15N values did not differ between the two forests. The leaf δ13C values ranged from −28.4 to −25.6‰ for the
unimpacted forest and −26.4 to −25.6 in the impacted forest. The
leaf δ15N values ranged from 2.4 to 4.7‰ for the unimpacted forest and 2.1 to 4.3‰ in the impacted forest. MPB δ13C values were
signiﬁcantly higher in the impacted forest than the unimpacted
forest, but the δ15N values did not differ signiﬁcantly. Overall,
MPB δ13C values ranged from −26.5 to −24.7‰ for the
unimpacted forest and −22.0 to −18.9‰ in the impacted forest
and MPB δ15N values ranged from 1.5 to 3.5‰ for the
unimpacted forest and 2.4 to 3.9‰ in the impacted forest. Overall, consumer δ13C values ranged from −23.4 to −16.7‰ in the
unimpacted forest with lower values (−23.4 to −21.5‰) associated with the leaf-feeders and higher values (−16.7 to −20.9‰)
associated with the algae-feeders. Overall, the impacted forest had
a relatively higher δ13C range of −20.1 to −14.4‰. Consumer
δ15N values ranged from 4.6 to 8.7‰ in the unimpacted forest.

Discussion
Overall, results from our study that compared between the
impacted and unimpacted forests suggest that the climate-

Fig. 2. Observed differences in benthic faunal community between
unimpacted and impacted mangrove forests. (a) Proportions of dominant
epifaunal feeding groups (% mean, SE). (b) Total > 0.5 cm size fraction infaunal biomass estimated from coring (mean, SE, n = 18 per treatment).
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Table 2. C and N isotope values (mean, SE) of primary producers, sediment, and consumers collected from unimpacted and impacted
forests.
Forest
Unimpacted
13

δ C

15

δ N

(SE), ‰

(SE), ‰

−28.0 (0.8)

3.8, (0.4)

−25.3 (0.3)

2.5, (0.3)

Surface < 0.5 cm

−24.7 (0.4)

0.5–20 cm

−24.8 (0.3)
T. signata

−17.9 (0.7)

U. ﬂammula

−20.9

Omnivore, crab

M. frontalis

Detritivore, crab
Leaf-feeder, crab

Impacted

ANOVA (df, F, p)

n

13

δ C

15

δ N

n

(pooled)

(SE), ‰

(SE), ‰

(pooled)

5 (3)

−25.9 (0.2)

3.3 (0.5)

4 (3)

1, 5.13, 0.06

1, 0.57, 0.48

6 (1)

−20.7, (0.4)

3.1 (0.2)

6 (1)

1, 85.1, < 0.001

1, 3.00, 0.11

2.0 (0.2)

6 (1)

−22.4 (0.4)

2.8 (0.2)

6 (1)

1, 19.1, 0.001

1, 6.57, 0.03

1.7 (0.2)

6 (1)

−24.5 (0.2)

1.7 (0.1)

6 (1)

1, 0.63, 0.45

1, 0.01, 0.98

6.0, (0.4)

4 (3)

−15.3 (0.6)

7.6 (0.6)

4 (3)

1, 8.42, 0.03

1, 5.23, 0.06

4.6

1 (1)

−14.4 (0.1)

4.3 (0.5)

2 (1)

−20.0 (0.4)

7.7, (0.9)

2 (2)

−15.9 (0.6)

9.9 (0.7)

4 (3–4)

1, 18.72, 0.01

1, 3.60, 0.13

P. wardi

−21.9 (0.5)

6.0, (0.3)

4 (2)

−17.1 (0.8)

8.7 (0.6)

3 (3–5)

1, 26.93, 0.004

1, 18.26, 0.008

P. moluccensis

−21.5 (0.4)

7.9, (0.3)

8 (5)

−18.5 (0.2)

9.3 (0.6)

4 (1)

1,22.52, < 0.001

1, 7.25, 0.02

Episesarma sp.

−22.6

8.0

1 (1)

—

—

—

Grazer, gastropod

i. telescopium

−19.1 (1.3)

−17.4 (0.7)

6.9 (0.1)

4 (4–5)

T. sulcata
Filter-feeder, bivalve

Mussel
Oyster Saccostrea

−20.0 (0.2)

Type/taxon

δ13C

δ15N

Primary producers
Mangrove

A. marina

MPB
Sediment

Consumers
Algae-feeder, crab

—

—
1, 1.52, 0.27

—

—

6.4, 0.1

3 (4–5)

1, 10.59, 0.02

−20.3 (1.3)

5.6 (0.3)

4 (2–3)

−16.9 (0.3)

6.5 (0.1)

3 (2)

1, 3.03, 0.14

1, 8.55, 0.03

−20.9 (0.1)

6.8, (0.1)

3 (5–10)

−21.7 (0.1)

6.8 (0.1)

3 (3)

1, 18.48, 0.01

1, 0.07, 0.81

7.7 (0.2)

4 (10)

−19.9 (0.5)

7.9, (0.3)

4 (10)

1, 0.05, 0.83

1, 0.52, 0.50

Fig. 3. δ13C, δ15N, TOC, and TN measurements from surface < 0.5 cm sediment and 0.5–20 cm deep sediment in unimpacted and impacted mangrove
forests. Box plots present the median, 68% credible interval, and 95% credible interval. n = 6 per treatment. See Tables 1, 2 and the text for mean, SE
values, and ANOVA statistics.
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Fig. 4. Patterns of δ13C and δ15N values (mean, SD) of dominant epifaunal groups and trophic resources across unimpacted and impacted mangrove
forests. Patterns of isotope differences between the two forests shown as arrows were similar between all the faunal groups and correspond to shifts of
surface < 0.5 cm sediment and MPB samples. 0.5–20 cm deep sediment samples and ﬁlter-feeder samples (mussels and oysters) did not show large shifts.
See Table 2 for taxonomic details, mean values, and ANOVA statistics.

changes in abiotic factors such as light intensity and temperature (Granek and Ruttenberg 2008). In our case, MPB (sediment Chl a) did not differed between the two forest, but it
may be possible that feeding ground for MPB may have
increased in the impacted forest where there are now relatively less canopy cover and pneumatophores with more open
cleared spaces (i.e., more space for foraging MPB).
While the effects of the climate-driven mangrove mortality
and those of other deforestation events may differ, consistent
with our case, similar patterns in faunal communities have
been observed in mangrove ecosystems that experienced
deforestation. For example, while benthic faunal assemblages
changed after clearing of mangroves, the total abundance and
biomass did not respond to the mangrove removal effect
(Bernardino et al. 2018) or they even increased (Alfaro 2010).
Similar to our case, in cleared areas of mangrove forest (due to
typhoon), relative abundances of algae-feeding crabs
(i.e., ﬁddler crabs, Tubuca and Uca) increased whereas leaf
feeding crabs (Sesarmidae, typical forest species) were less
abundant in the cleared gaps than in the forest (Diele et al.
2013). The increased relative abundance of Tubuca and Uca
spp. in the cleared gaps may relate to improved availability of
MPB, its main food source (Kon et al. 2007). In general, these
algae-feeder crabs (Tubuca and Uca) may also prefer more open
areas than closed forests due to enhanced visibility that facilitates their visual communication through claw waving for
mating and antagonistic interactions (Nobbs 2003; Crane

driven mangrove mortality has most likely changed the
epifaunal species composition, that is, increased population
densities of algae-feeders (Tubuca and Uca) and decreased population densities of leaf-feeders (Sesarmidae). However, it did
not have a signiﬁcant effect on the total infaunal biomass,
that is, mostly burrowing crabs and some clams and worms.
Consistent with this, the densities of crab burrows did not differ signiﬁcantly between the impacted and unimpacted forest.
Overall, such ﬁndings generally suggested that epifauna as
well as infauna in the impacted forest (mostly burrowing crabs
and gastropods) are fairly abundant, regardless of the mangrove loss. In most cases, epifaunal as well as infaunal communities in mangrove ecosystems are controlled by various
factors, including tidal regime, sediment (grain size, pH), trophic resource availability, habitat complexity, and predation
(Lee 2008; Nagelkerken et al. 2008). One explanation for our
results is that MPB, an important food source in many mangrove ecosystems (Mazumder and Saintilan 2010; Oakes et al.
2010; Larsen et al. 2012) was largely unaffected and consequently, this buffered the food web responses, maintaining
overall abundance/biomass of mangrove fauna. In many cases,
disturbances such as loss of mangrove trees can change abiotic
factors including light intensity and temperature (Granek and
Ruttenberg 2008) as well as organic matter inputs and sediment conditions with consequences to benthic assemblages
(Sweetman et al. 2010; Bernardino et al. 2018). In some cases,
after clearing of mangroves, MPB biomass can increase due to
8
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forests, but showed substantial variability with the impacted
forest having relatively higher values. Such C isotope pattern
may be due to reduced stomatal conductance that causes
lower internal carbon dioxide concentrations and lower carbon isotope fractionation (Farquhar et al. 1989; Lin and Sternberg 1992a,b).
Overall, there were high variabilities in δ13C values of trophic resources (mangrove and MPB) that limit interpretation
of our epifaunal consumer isotope data set. However, a simpler explanation for the large difference in epifaunal δ13C
values between the two forests is that the impacted food web
had a lower mangrove C input but substantial inputs from
MPB and phytoplankton. Similar to our case, increases in
mangrove fauna δ13C and δ15N values were observed in mangrove ecosystems in eastern Brazil that experienced deforestation, suggesting a shift of the nutrient sources with more food
web reliance on marine carbon sources after clearing of mangroves (Bernardino et al. 2018). In a more quantitative sense,
overall primary producer (mangrove and MPB) δ13C values
ranged from −30.5 to −24.7‰ in the unimpacted forest and
−26.4 to −18.9‰ in the impacted forest, whereas epifaunal
consumer δ13C values ranged from −23.4 to −16.7‰ in the
unimpacted and −20.1 to −14.4‰ in the impacted forest. So
that there were substantial isotope mismatches between the
end-member food resources and consumers suggesting that
our characterization of end-members were generally weak.
However, in many cases, such isotope mismatches can occur
and characterization of end-members in mangrove detrital
food web interactions is often not easily achieved (Bui and Lee
2014). Due to these reasons, we could not conﬁdently conduct
stable isotope mixing analysis using our current isotope
data set with typical assumptions that consumer isotope
values resemble those of food resources, with a trophic shift of
+0 to 1‰ for δ13C and +2 to 3‰ for δ15N (Vander Zanden
and Rasmussen 2001; McCutchan et al. 2003). Additional
tracers such as δ34S (Fry and Smith 2002) as well as δ13C of
individual amino acids (Larsen et al. 2012) may be needed to
resolve such isotope mixing problems. However, in a more
qualitative sense, the algae-feeder that displayed the mean
δ13C value of −15.5 ‰ (SE = 0.6) was the dominant feeding
group in the impacted forest with the population contributing
to 83% (SE = 13) of the community total (Fig. 2a). Therefore,
it is likely that the epifaunal community in the impacted forest is largely supported by MPB than mangrove detritus food
resources that generally show δ13C values of near −27‰.
In many cases, more nutritious MPB as well as phytoplankton contribute substantially to mangrove food webs, with consumers generally showing lower importance of low quality
mangrove leaf litter in their diet (Mazumder and Saintilan
2010; Oakes et al. 2010; Larsen et al. 2012). Consistent with
this, in our study, the mangrove epifauna as well as infauna
were fairly abundant in the impacted forest and they did not
greatly respond to the reduced mangrove leaf litter food availability following the mangrove mortality. This is probably

2015). In contrast, the leaf-feeding crabs (Sesarmidae) are generally associated more with mangrove trees and prefer sheltered areas of mangrove forests (Lee 2008; Diele et al. 2013).
The dominance of algae-feeder crabs in our impacted site is
shown in Supporting Information Fig. S3.
In many cases, organic matter within in mangrove sediment decreases following mangrove forest loss (Otero et al.
2017; Adame et al. 2018). In our study site, TOC and TN (%)
did not differ statistically between the two forests except for
0.5–20 cm deep sediment N, but those mean values were consistently lower in the impacted forest, most likely suggesting
some degradation of sediment organic matter and lower mangrove organic matter input with the low leaf litter availability.
Overall, stable C and N isotope values from sediment, MPB,
and consumers were generally higher in the impacted forest,
suggesting that the impacted ecosystem had relatively lower
mangrove carbon ﬁxation input that generally shows lower
δ13C values near −27‰ (Bouillon et al. 2008). The higher
δ15N values may be associated with lower N ﬁxation input,
generally near 0‰ (Fogel et al. 2008) as well as degradation of
organic matter that can enrich available N with 15N
(Natelhoffer and Fry 1988; Adame and Fry 2016). The δ13C
and δ15N values in the 0.5–20 cm deep sediment did not differ
signiﬁcantly between the two forests. Although, bioturbation
can transport surface organic matter to the range of > 0.5 cm
deep sediment, one explanation for such consistency in
0.5–20 cm sediment δ13C and δ15N values between the two
forests can be that the C and N cycle of the two forests were
fairly consistent previously. Furthermore, distinctively high
surface (< 0.5 cm) sediment δ13C and δ15N values in the
impacted forest compared to those of other sediment including those of 0.5–20 cm deep sediment as well as those of the
unimpacted forest suggest that there was a probable effect of
recent mangrove mortality on the surface sediment compositions. This may be because the surface sediment layer
(surface < 0.5 cm) can be more likely to be oxidized than the
0.5–20 cm deep sediment layers. Similar to our case, increase
in sediment δ13C and δ15N values were observed in mangrove
forests in Malaysia that experienced deforestation (Adame
et al. 2018), an effect likely due to decomposition of organic
matter (Natelhoffer and Fry 1988; Adame and Fry 2016) as
well as lower mangrove C input following mangrove losses.
There were also substantial differences in epifaunal δ13C
and δ15N values among the two forests, with those from the
impacted forest generally having higher δ13C and δ15N values,
fairly consistent with the differences observed in sediment
and MPB δ13C and δ15N values. The individual epifaunal
groups show substantial isotope differences except for ﬁlterfeeders (bivalve) more reliant on water column resources such
as phytoplankton that may be unaffected by the mangrove
mortality. However, MPB δ13C values largely differed between
the forests. This may reﬂect differences in respiratory inputs
from mangrove organic matter (Maher et al. 2013). Mangrove
leaf δ13C values did not signiﬁcantly differ between the
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slowly decaying in the forest, and the recovery of mangrove
vegetation to the original state probably takes decades (Adame
et al. 2018), the full impact of the 2015–2016 mangrove dieback needs to be further monitored.
We faced limitations and challenges in this investigation of
an extreme biological event and these also apply to singleevent studies elsewhere. First, “before and after” comparisons
are rarely possible and experimentation is extremely difﬁcult;
therefore, investigations largely rely on spatial comparisons
(e.g., impacted vs. unimpacted) (Altwegg et al. 2017; Harris
et al. 2018). Second, extreme events are rare, so that inference
from such single-event studies cannot be simply made under
the typical statistical paradigm that depends on replication
and control (Altwegg et al. 2017). The inference of our observational data from this experimental study largely relies on
an assumption that the unimpacted and impacted forests
were comparable and similar before the dieback event. The
experimental and control conditions in our study were determined by nature, so we cannot rule out natural variability
as an explanation for some of our observational data. However, some of the trends we detected seem to be driven by
mangrove mortality, and are consistent with observations
from mangrove ecosystems that experienced deforestation
(i.e., mangrove removal) and with the general ecology of mangrove faunal communities (Lee 2008). Long-term monitoring
would support interpretation of this extreme event and
multiannual observational data could help to understand
how the mangrove ecosystem may recover from this climatedriven disturbance and underlying biological mechanisms.
Experimental studies, for example, Adame et al. (2018) that
used a chronosequence of mangrove forests in Matang Mangrove Forest Reserve in Malaysia to test the effect of mangrove
clearing and recovery would help to compare and validate
observational data from such single-event study. Initiation
of monitoring after an extreme biological event is an important contribution to our understanding of biological effects of
extreme climatic events.

because nutritious trophic resources such as MPB and phytoplankton were largely unaffected and such food resources were
probably highly available in this fringe and narrow mangrove
ecosystem adjacent to an extensive mudﬂat habitat. It is also
possible that this ecosystem in the Gulf region (tropical-arid
Australia) with probable low tree density relative to forests of
similar latitudes (Sanders et al. 2016; Jeffrey et al. 2019) formerly had a high food web reliance on MPB. This is partially
evident from our isotope data that the patterns of isotope difference in most epifaunal groups between the two forests corresponded to those of MPB. Furthermore, it may be possible
that such large difference in epifaunal δ13C values between
the two forests was largely driven by the difference in MPB
food values, rather than differences in nutritional reliance on
food resources (e.g., mangrove vs. MPB). Although the overall
isotope difference (i.e., high δ13C values in the impacted forest) is most likely related to the mangrove mortality effect
(e.g., low leaf litter and low mangrove respiratory inputs), our
current data could not conﬁrm the changes in the nutritional
dependency on food resources (mangrove vs. MPB) and could
not eliminate the possibility that there is high importance
of MPB in the unimpacted forest. More detailed isotope investigations are required to elucidate whether nutritional dependency of consumers on food resources have changed due to
the mangrove mortality. In such isotope investigations, stable
carbon isotopic compositions in essential amino acids
(e.g., Larsen et al. 2012) may be useful.
It is most likely that this mangrove dieback will impact the
provision of key ecosystem services, including food and habitat provision, carbon sequestration, and coastal protection.
While this study did not characterize meiofaunal fractions as
well as larvae that could be affected by mangrove mortality,
given that benthic macrofaunal fractions were fairly abundant
after the mangrove mortality, trophic contribution by the
mangrove ecosystem to adjoining coastal communities
(e.g., ﬁsh that forage in mangrove forests during high tide)
might be sustained. However, animals that rely more on mangroves for habitat structure (e.g., juvenile nekton) might suffer
from physical habitat modiﬁcations (e.g., reduced shade and
habitat complexity). Changes in ﬁsh assemblage and decreases
in ﬁsh abundance especially smaller schooling species were
observed in mangrove ecosystems that experienced mangrove
losses, an effect likely due to reduced habitat complexity
(Shinnaka et al. 2007; Taylor et al. 2007). Our study also captured substantial changes in C and N dynamics including
decomposition and loss of mangrove organic matter. A recent
study shows rapid losses of sediment C and N stocks after
clearing of mangroves (Adame et al. 2018), suggesting that
losses of the C and N stocks (including underground roots)
following the mangrove mortality are expected with changes
to carbon outwelling to the coastal ocean (Sippo et al. 2019).
The loss of pneumatophore root structure suggests reduced
sediment stability leading to higher risk of erosion. Considering that there is a large amount of dead mangrove materials
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